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Biodegradation is a potentially important loss process for
haloacetic acids (HAAs), a class of chlorination byproducts, in
water treatment and distribution systems, but little is known
about the organisms involved (i.e., identity, substrate range,
biodegradation kinetics). In this research, 10 biomass samples
(i.e., tap water, distribution system biofilms, and prechlorinated
granularactivatedcarbonfilters) fromninedrinkingwatersystems
were used to inoculate a total of thirty enrichment cultures
fed monochloroacetic acid (MCAA), dichloroacetic acid (DCAA),
or trichloroacetic (TCAA) as sole carbon and energy source.
HAA degraders were successfully enriched from the biofilm
samples (GAC and distribution system) but rarely from tap water.
Half of the MCAA and DCAA enrichment cultures were
positive, whereas only one TCAA culture was positive (two
were inconclusive). Eight unique HAA-degrading isolates were
obtained including several Afipia spp. and a Methylobacterium
sp.; all isolates were members of the phylum Proteobacteria.
MCAA, monobromoacetic acid (MBAA), and monoiodoacetic
acid (MIAA) were rapidly degraded by all isolates, and DCAA and
tribromoacetic (TBAA) were also relatively labile. TCAA and
dibromoacetic acid (DBAA) were degraded by only three isolates
and degradation lagged behind the other HAAs. Detailed
DCAA biodegradation kinetics were obtained for two selected
isolates and two enrichment cultures. The maximum biomass-
normalized degradation rates (Vm) were 0.27 and 0.97 µg DCAA/
µg protein/h for Methylobacterium fujisawaense strain
PAWDI and Afipia felis strain EMD2, respectively, which were
comparable to the values obtained for the enrichment
cultures from which those organisms were isolated (0.39 and

1.37 µg DCAA/µg protein/h, respectively). The half-saturation
constant (Km) values ranged from 4.38 to 77.91 µg DCAA/L and
the cell yields ranged from 14.4 to 36.1 mg protein/g DCAA.

Introduction
Haloacetic acids (HAAs) are a prominant class of disinfection
byproducts (DBPs) detected in chlorinated drinking water
supplies. HAAs contain one to three halogen atoms and are
generated primarily via the reaction of chlorine with natural
organic matter but also can form through the hydrolysis of
other DBPs, such as haloacetonitriles (1, 2). Drinking water
typically contains a mixture of HAAs with monochloroacetic
acid (MCAA), dichloroacetic acid (DCAA), and trichloroacetic
acid (TCAA) being the dominant compounds for most
systems. Bromine or iodine-substituted HAAs can predomi-
nate, however, if the raw (i.e., untreated) water is high in
bromide, iodide, or both (3). TCAA and DCAA are hepato-
carcinogenic in laboratory animals (4) and bromine- and
iodine-substituted HAAs may be of greater concern because
of their higher relative toxicity (5). The potential for detri-
mental effects arising from exposure to HAAs and other DBPs
led the U.S. Environmental Protection Agency (USEPA) to
establish a drinking water maximum contaminant level (MCL)
of 60 µg/L for the sum of five HAAs (MCAA, DCAA, TCAA,
monobromoacetic acid or MBAA, and dibromoacetic acid or
DBAA) (6, 7). There is currently no regulatory limit for HAAs
in Europe; a MCL of 80 µg/L for total HAAs, however, is
suggested in a recent revision of the Drinking Water Directive
(8).

There are many reports on the aerobic biodegradation of
MCAA and TCAA in soils and wastewater or by organisms
obtained from those environments (9-11) because these
HAAs have been used as herbicides and in other industrial
applications (12, 13). The aerobic biodegradation of other
HAA species, such as MBAA, DCAA, and DBAA, has also been
reported in several studies (14, 15). Nevertheless, extrapola-
tion of the results of such studies to drinking water systems
is problematic for several reasons: relatively high HAA
concentrations (1000-5000 mg/L) were typically used, the
full range of HAAs found in drinking water (e.g., iodinated
HAAs) were not investigated, and the organisms may not be
relevant for the drinking water environment. Water distribu-
tion systems are unique and harsh environments for mi-
croorganisms because they are oligotrophic and the water
typically contains chlorine. Furthermore, there are typically
multiple HAAs present in drinking water but at low con-
centrations (e40 µg/L for the sum of the nine chlorinated
and brominated HAAs (16),). These environmental conditions
likely support microorganisms with different genetic and
physiological characteristics than those from soil and waste-
water. A better understanding of the organisms and functional
genes involved in HAA biodegradation in drinking water
systems will be beneficial for developing molecular tools to
monitor HAA-degrader abundance and activity and for
predicting HAA losses in biologically active filters and water
distribution systems.

Reports of biodegradation of HAAs in water distribution
systems first emerged in the late 1990s (17, 18). Recent efforts
have focused on the study of HAA biodegradation in granular
activated carbon (GAC) filters (19-22) and other packed-
bed systems (23). Unfortunately, little work has been done
regarding identification and characterization of the HAA-
degrading organisms in these systems. To date, the only
detailed investigation of HAA biodegradation kinetics at µg/L
levels was performed using wastewater enrichment cultures
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(24). The lack of degradation rate data has made it difficult
to parameterize models for predicting HAA fate in drinking
water treatment and distribution systems (19). Furthermore,
the lack of information concerning HAA-degrading isolates
from drinking water systems is problematic as it is widely
recognized that single species experiments are often indis-
pensable for analyzing the activity of a microbial community
and for understanding the molecular and physiological
properties of the organisms (25). Herein, we report on the
isolation and characterization of HAA-degrading bacteria
from drinking water systems.

Materials and Methods
Chemicals. Reagent grade MCAA, DCAA, and TCAA (>98%)
were used in media for culturing bacteria. Neat HAAs (>99.8%)
were used for the biodegradability and biodegradation
kinetics experiments. HPLC grade methyl-tert butyl ether
(MTBE) (99.8%) was used to extract HAAs from aqueous
samples. A standard HAA9 mixture in MTBE purchased from
Supelco Sigma-Aldrich was diluted with MTBE for use in
preparing standard calibration curves. Other chemicals (such
as Na2SO4, CH3OH, and H2SO4) used in HAA analysis were
analytical grade or better as required by EPA method 552.3
(26).

Bacterial Enrichment and Isolation. Ten samples were
collected from nine drinking water systems for enrichment
and isolation of aerobic HAA-degrading bacteria. Six tap water
samples were collected from the following locations: (1)
Lewisberry, Pennsylvania (PA-tap); (2) Everett, Washington
(WA-tap); (3) St. Paul, Minnesota (MN-tap), (4) Newport
News, Virginia (VA-tap), (5) Cranfield, Bedfordshire, United
Kingdom (Cranfield-tap), and (6) Bedford, Bedfordshire, UK

(Bedford-tap). Three granular activated carbon (GAC) samples
were collected from prechlorinated GAC filters at the
following treatment facilities: (1) Broken Scar Water Treat-
ment Works, UK (Broken Scar-GAC) (2) anonymous water
treatment plant in PA (PA-GAC), and (3) Ruswarp Water
Treatment Works, UK (Ruswarp-GAC). A cast-iron pipe
section (6 in. diameter × ∼1 foot) was collected from the St.
Paul Regional Water Services potable water distribution
system in St. Paul, Minnesota (MN-pipe). The sampling
locations were selected to provide a range of water quality
and treatment, and for convenience (i.e., most sites are
proximate to one of the research team partners). More details
on the enrichment samples are provided in Table 1.

More information on the procedures used to prepare the
biomass for inoculation are provided in the Supporting
Information (SI). Briefly, the tap water biomass was con-
centrated by vacuum filtering 1 L of tap water through a
sterile nylon membrane filter (47 mm diameter, 0.2 µm pore
size, Millipore Corp.). The biomass was detached from the
GAC using a tissue homogenizer or sonication method (27).
Finally, the inner pipe walls were scraped and the detached
solids were ground and then introduced to the enrichment
medium as a slurry.

The bacteria were incubated in inorganic mineral medium
(pH 7.2; see the SI for recipe) with a HAA added as sole carbon
and energy source (initial concentration of 1 mM). Three
enrichment cultures were prepared for each biomass sample
(i.e., one with MCAA, one with DCAA, and one with TCAA)
for a total of 30 enrichment cultures. The flasks were covered
with aluminum foil to allow for air exchange and incubated
on a shaker table in the dark at room temperature (21-23
°C) for up to 102 days. HAA concentrations in the enrichment

TABLE 1. Summary of Results from Enrichment Cultures Using MCAA, DCAA, or TCAA as Sole Carbon and Energy Source

carbon and energy source

sample water sourcea treatment sample description MCAA DCAA TCAA

Broken Scar-GAC river conventionalb
prechlorinated GAC filter;

HPC ) 9.3 × 104 CFU/g
GAC (wet weight)

+c + NC

PA-GAC creek conventional

prechlorinated GAC filter;
influent HAA5 ) 20 µg/L,
effluent HAA5 < 5 µg/L;
HPC ) 3 × 1011 CFU/g
GAC (wet weight)

+ + +

Ruswarp-GAC river conventional
prechlorinated GAC filter;

HPC ) 9.8 × 104 CFU/g
GAC (wet weight)

+ + NC

MN-pipe river lime softening HPC ) 3 × 105 CFU/g pipe
wall solids (wet weight) + - -

Bedford-tap river conventional, ozone
free chlorine e0.5 mg/L as

Cl2, HAA5 ) 5.3 µg/L, HPC
not measured

+ - -

Cranfield-tap groundwater ion exchange
free chlorine e0.5 mg/L as

Cl2, DCAA ) 58 µg/L, HPC
not measured

- + -

MN-tap river lime softening chloramine ∼ 2.5 mg/L as
Cl2, HPC not measured - - -

PA-tap river membrane filtration

free chlorine ) 0.14 mg/L as
Cl2, HAA5 ) 86 µg/L (DCAA
) 44 µg/L), HPC ) 6.2
CFU/mL

- + -

VA-tap river conventional, ozone
chloramine ) 2 mg/L as Cl2,

HAA5 ) 29 µg/L, HPC ) 0.5
CFU/mL

- - -

WA-tap river direct filtration
free chlorine ) 0.5 mg/L as

Cl2, HAA5 ) 21 µg/L, HPC
) 1 CFU/mL

- - -

a Primary water source indicated. Some surface water systems augment with groundwater. b Conventional treatment
consists of coagulation, flocculation, sedimentation, and filtration with free chlorine as primary disinfectant unless
otherwise noted. c + ) culture positive for HAA degraders, - ) culture negative, NC ) not conclusive.
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cultures were monitored and respiked to ∼1 mM when
depleted. Additional details on the enrichment cultures are
provided in the SI.

HAA-degrading bacteria were isolated from the enrich-
ment cultures on HAA-amended agar plates. Details on the
isolation procedure are provided in the SI.

Identification of Isolates. Confirmed HAA degraders were
identified by PCR amplification of 16S rRNA genes (28).
Bacteria with identical 16S rRNA gene sequences were
differentiated to the strain level using repetitive PCR fin-
gerprinting of genomic DNA following methods reported
elsewhere (29). Terminal restriction fragment length poly-
morphism (tRFLP) analysis was performed to determine if
the isolates were predominant in the enrichment cultures
and the method details are provided in the SI.

HAA Biodegradability and Biodegradation Kinetics.
Batch HAA biodegradation experiments were performed to
determine biodegradation kinetics and substrate range for
selected enrichment cultures and isolates. Cryopreserved
enrichment culture or isolate biomass was thawed, activated,
and then resuspended in the mineral medium to an OD600

of ∼0.15. Protein concentrations in the inocula were quanti-
fied using the Lowry method (30) with bovine serum albumin
(BSA) as the protein standard. To initiate an experiment, 0.1
mL of cell suspension was inoculated into a 300-mL screw
top glass bottle containing 120 mL of basal medium
supplemented with a single HAA (five initial concentrations
ranging from 12 to 300 µg/L; kinetics) or a mixture of up to
seven HAAs (∼30 µg/L each; substrate range) under an air
headspace. All experiments were run in duplicate. More
details are provided in the SI.

Analytical Methods and Data Analysis. HAAs at the
relatively high concentrations (>1 mg/L) used for enrichment
were analyzed using capillary electrophoresis (31). At the
low concentrations (<300 µg/L) used in the biodegradation
experiments, HAA concentrations were analyzed via gas
chromatography with electron capture detection (GC/ECD)
using EPA method 552.3 (26).

The DCAA concentration versus time data for 10 experi-
ments (i.e., five initial concentrations run in duplicate) were
fit simultaneously to the two-parameter Monod kinetic model
using Scientist for Windows software

where X is biomass concentration (µg protein/L), C is DCAA
concentration (µg/L), t is degradation time (h), Vmax is the
maximum DCAA degradation rate (µg/µg protein/h), and Km

is the Monod half-velocity constant (µg/L).

Results
Enrichment of HAA Degraders. Concentrations of MCAA,
DCAA, and TCAA as a function of time in six enrichment
cultures from two different inocula are shown in Figure 1.
No HAA degradation was observed in any of the enrichments
from the WA tap water after 102 days of incubation (Figure
1A). The slow decline in HAA concentration was most likely
due to abiotic losses such as volatilization and hydrolysis.

In contrast to the WA tap water enrichments, the three
PA-GAC cultures exhibited rapid HAA-degrading ability. As
shown in Figure 1B, complete degradation of the initial spike
of MCAA and DCAA was observed after only 6 days of
incubation; complete degradation of the initial spike of TCAA
occurred within 19 days. Approximately 3 × 1011 colony
forming units (CFU) of heterotrophic bacteria were detached
per gram of GAC, resulting in an initial heterotrophic place
count (HPC) of 5 × 1010 CFU/mL in the enrichment medium.
The rate of degradation increased for subsequent spikes of
HAAs.

The results for all 30 enrichment cultures using 10 different
inocula are summarized in Table 1. Overall, 36.7% (11/30)
of the cultures were positive for HAA degrading activity with
6.7% (2/30) considered inconclusive. The Broken Scar-GAC
and Ruswarp-GAC enrichments fed TCAA were both con-
sidered inconclusive because an acceleration in TCAA loss
rate for the first TCAA spike was observed in each culture
(suggesting biodegradation) but the experiments were dis-
continued without monitoring subsequent spikes or trying
to isolate TCAA degraders on solid media. The percentage
of successful enrichments was highly dependent on sample
source and characteristics. For example, 77.8% (7/9) of the
GAC cultures were positive (the other two cultures
were inconclusive), 33% (1/3) of the pipe wall cultures were
positive, while only 17% (3/18) of the tap water cultures were
positive. In terms of HAAs, 50% (5/10) of the MCAA and 50%
(5/10) of the DCAA cultures were positive, whereas only 10%
(1/10) of the TCAA cultures were positive (two of the TCAA
cultures were inconclusive).

Identification of Isolates. Eight HAA-degrading isolates
were obtained from four drinking water systems including
tap waters from the U.S. and UK, a prechlorinated GAC filter,
and a pipe wall biofilm sample (Table 2). All isolates were
members of the phylum Proteobacteria. Six isolates were in
the R-Proteobacteria class, five Afipia spp., and one Methy-
lobacterium sp. (Methylobacterium fujisawaense). Two iso-
lates were in the �-Proteobacteria class, one Burkholderia
sp., and one Herminiimonas sp. The three isolates identified
as Afipia felis had identical 16S rRNA gene sequences but the
strains were deemed to be different based on repetitive PCR
fingerprinting of genomic DNA (data not shown). We did
not attempt to isolate HAA-degrading bacteria from the
positive Ruswarp-GAC, Broken Scar-GAC, or Bedford-tap
enrichment cultures or from any of the negative cultures.

Biodegradability of Selected HAAs by Isolates. MCAA,
MBAA, and MIAA were rapidly degraded by all isolates (Table

1
X

dC
dt

) -
VmaxC

Km + C
(1)

FIGURE 1. Concentrations of MCAA, DCAA, and TCAA in the
three WA-tap enrichment cultures (A) and in the three PA-GAC
enrichment cultures (B) as a function of time. The PA-GAC
cultures were respiked on days 6 and 10 (MCAA and DCAA)
and on day 19 (TCAA).
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2 and Figure 2). DCAA was also degraded by all but one
strain (Burkholderia glathei strain GM1). The biodegradability
of TBAA was tested for only five isolates, and in those cases
the degradation was consistent with that of DCAA. Stable
HAA concentrations observed for all killed and uninoculated
controls (data not shown) suggests that abiotic losses were
negligible in these experiments and that biodegradation is
the primary HAA loss process.

In contrast to the lability of the aforementioned five HAAs,
only three isolates were able to degrade TCAA after a lag
phase (e.g., Figure 2). All of the TCAA-degrading isolates were
Afipia strains, one from a UK tap water (Afipia felis strain
EMD2), and two from a GAC filter (Afipia felis strain GD1
and Afipia broomeae strain GTs). After the lag phase of 5-24
h, TCAA was rapidly degraded at a similar rate as that for
other HAAs. The three TCAA-degrading strains were also the
only isolates able to degrade DBAA, with a similar lag phase
and similar degradation rate after the lag phase. The
biodegradation of DBAA, however, appeared to stop when
the TCAA was completely degraded (Figure 2).

Kinetics of Biodegradation of DCAA by Isolates and
Enrichments. For the detailed kinetics experiments, DCAA

was chosen as a model HAA as it typically occurs at the highest
concentration in chlorinated drinking water (32) and is known
to degrade in water treatment and distribution systems
(17, 21, 33). Methylobacterium sp. strain PAWDI and Afipia
felis strain EMD2, as well as the enrichment cultures from
which these organisms were isolated, were chosen as
representative HAA degraders from water distribution systems.

Duplicate batch bottles were prepared for each initial
substrate concentration and the results were highly repro-
ducible (SI Figure SI-1). The concentration versus time data
from the 10 experiments for each strain were fit to the Monod
model to obtain the kinetic parameter values (Table 3). Strain
PAWDI had a much lower protein-normalized maximum
degradation rate (Vmax ) 0.27 ( 0.02 µg DCAA/µg protein/h)
than that for strain EMD2 (Vmax ) 0.97 ( 0.03 µg DCAA/µg
protein/h, Table 3). Also, the half-saturation constant (Km)
for strain PAWDI (Km ) 77.91( 16.14 µg/L) was much greater
than that for EMD2 (Km ) 10.42 ( 3.61 µg/L). Hence, the
affinity of PAWDI for the substrate DCAA as indicated by Vm

divided by Km (3.47 × 10-3 L/µg protein/h) was 27 times
lower than that for EMD2 (9.31 × 10-2 L/µg protein/h). These
kinetic parameter values translate into a significantly greater
DCAA biodegradation rate for strain EMD2 over a broad range
of DCAA concentrations and especially at the lower end of
the range most relevant for water systems (10-50 µg/L) (SI
Figure SI-2). Cell yields for the isolates PAWDI and EMD2
were 14.4 mg protein/g DCAA and 30.6 mg protein/g DCAA,
respectively. For the enrichment cultures PA-tap-DCAA and
Cranfield-tap-DCAA, the yields were 25.9 mg protein/g DCAA
and 36.1 mg protein/g DCAA, respectively.

The enrichment cultures exhibited comparable DCAA
degradation behavior as their respective isolates but had
greater maximum degradation rates and substrate affinities
(SI Figure SI-2, Table 3). According to the results of the tRFLP
analyses (data not shown), strains PAWDI and EMD2 were
dominant members of their enrichment cultures, represent-
ing 54.7 and 72.6% of the biomass, respectively.

Discussion
In this research, we obtained HAA-degrading bacteria from
prechlorinated GAC filters, distribution system biofilms, and
tap waters and investigated the HAA biodegradation capa-
bilities (i.e., substrate range and kinetics) of selected enrich-
ment cultures and isolates. The goal was to improve
understanding of the biodegradability of HAAs in drinking
water systems. This approach contrasts with previous
investigations in which biodegradation of HAAs was inves-
tigated using soil or wastewater bacteria at relatively high
HAA concentrations or using undefined mixed bacterial
communities from drinking water systems at low HAA levels
(i.e., µg/L) but where the responsible organisms were not
identified or characterized (20, 21, 23). Moreover, detailed
degradation kinetics were reported for the first time using
isolates and enrichment cultures from water distribution
systems.

TABLE 2. Biodegradability of up to Seven HAAs by Isolates

enrichment culture isolate biodegradability of HAAsa

PA-GAC-MCAA Burkholderia glathei GM1 MCAA,MBAA,MIAA>DCAA,TCAA
PA-GAC-MCAA Herminiimonas fonticola GM2 DCAA> MCAA,MBAA,MIAA>TCAA
PA-GAC-DCAA Afipia felis GD1 DCAA,TBAA > MCAA,MBAA,MIAA > TCAA > DBAA
PA-GAC-DCAA Afipia felis GD2 DCAA > MCAA,MBAA,MIAA>TCAA
PA-GAC-TCAA Afipia broomeae GTs MCAA,MBAA,MIAA > DCAA,TBAA > TCAA > DBAA
PA-tap-DCAA Methylobacterium fujisawaense PAWDI DCAA,TBAA > MCAA,MBAA,MIAA>TCAA,DBAA
Cranfield-tap-DCAA Afipia felis EMD2 DCAA,TBAA > MCAA,MBAA,MIAA > TCAA > DBAA
MN-pipe-MCAA Afipia massiliensis P1MI MCAA,MBAA,MIAA > DCAA,TBAA>TCAA,DBAA

a Bold, not degraded.

FIGURE 2. Biodegradation of seven HAAs by Afipia felis strain
EMD2 (A) and Afipia broomeae strain GTs (B). Results of
duplicate experiments shown with lines drawn through the
average of the two data points.
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The probability of enriching HAA-degrading bacteria from
the biomass in a small volume of tap water (1.0 L) was low,
especially for chloraminated systems. These results are not
surprising as tap waters typically contain significant levels
of residual disinfectant. Furthermore, monochloramine tends
to be much more stable than free chlorine and more effective
at inactivating biofilm bacteria and controlling regrowth
(34-37). HAA degraders, however, were successfully enriched
from a water distribution system pipe wall and from
prechlorinated GAC filters, indicating that these organisms
are able to survive in biofilms. The biofilm matrix and
corroded iron pipe surfaces can provide the bacteria with
some protection from disinfection (38). Prechlorinated GAC
is also a favorable environment for HAA degraders because
the chlorine is rapidly destroyed at the top of the GAC bed
(39) and the high surface area of a packed bed provides ample
sites for biofilm development. Thus, in order to increase the
likelihood of obtaining viable bacteria, such as HAA degraders,
from water supply systems, it is recommended that biofilm
samples be collected whenever possible. If access to biofilm
samples is severely limited or not possible, then larger
volumes of tap water (.1 L) should be collected and
concentrated, preferably from locations with the lowest
chlorine residuals.

MCAA, MBAA, and MIAA were readily degraded by all of the
isolates, which is consistent with the observed lability of
monohalogenated HAAs in water treatment and distribution
systems (21, 23, 33). The aerobic biodegradation of MCAA and
MBAA by mixed and pure cultures has been studied extensively
in both batch and flow-through systems (14, 20, 23, 24, 40).
Biodegradation of MIAA, a relatively toxic species detected in
drinking water (5), has only been reported by one other research
group (41, 42). Kawasaki et al. (41, 42) reported that the
degradation of MIAA was catalyzed by the same group II
dehalogenase gene (dehH2) that catalyzed the degradation of
MCAA and MBAA. The similarity in degradation behavior of
the three monohalogenated HAAs observed in this work is
consistent with this finding.

The degradation of DCAA and TBAA tracked together
suggesting that these compounds are degraded by the same
enzyme and have similar enzyme affinities. DCAA and TBAA
were readily degraded by most of the isolates and were
preferentially degraded over the three monohalogenated
HAAs by some strains, with the opposite for other strains.
Differences in substrate preferences among different strains
have been reported by other researchers. For example, the
degradation trend of MBAA > MCAA > DCAA > TBAA was
reported for Nocardia 398 but the trend was DCAA > TBAA
> MBAA > MCAA for Pseudomonas 409 and Xanthobacter
autotrophicus GJ10 (14, 43). The presence of a multispecies
HAA-degrading community in a single system, however,
should lead to rapid degradation of most HAAs. For example,
effective HAA removal was observed in the GAC filter from
which strains GM1 and GTs (showing preference for mono-
halogenated HAAs) and strains GD1 and GD2 (showing
preference for DCAA and TBAA) were isolated. Differences
in HAA biodegradation preference reported in the literature
for various mixed bacterial communities (21-23, 44) are likely
due to differences in microbial community composition.

Few isolates were able to degrade TCAA, and for those
that could, TCAA was consistently among the last HAAs to

be degraded in batch experiments initiated by adding up to
seven HAAs simultaneously. The relative recalcitrance of
TCAA in comparison to other HAAs is consistent with other
published studies (23, 33) and is not surprising as TCAA is
so highly oxidized that there is little energy released when
the compound is mineralized. In fact, of the three TCAA-
degrading strains isolated in this research, two of the strains
(GD1 and EMD2) did not exhibit significant growth on TCAA
as sole carbon and energy source. This implies that either
their growth on TCAA is extremely slow or TCAA biodeg-
radation is cometabolic. The fact that only one isolate able
to grow on TCAA was obtained in this investigation is not
surprising as few such strains have been isolated (11). A lack
of organisms able to grow on TCAA or the slow growth of
TCAA degraders, however, does not preclude TCAA biodeg-
radation in water systems (21). When TCAA biodegradation
occurs, it is likely because suitable substrates, such as other
HAAs, are present to support the growth of these organisms.
In fact, the cultivation of strain GTs on R2A media to generate
biomass (because it grows so slowly on TCAA) did not alter
its ability to degrade TCAA.

DBAA biodegradation was consistent with that of TCAA
in that the two compounds were degraded by the same three
strains and their degradation lagged behind the other HAAs.
Unlike TCAA and the other HAAs, the degradation of DBAA
appeared to stop at approximately 7 µg/L after all HAAs were
degraded to below the detection limit, suggesting that DBAA
is degraded cometabolically. Strain EMD2, however, was able
to grow in mineral medium on DBAA as sole carbon and
energy source (data not shown). These observations suggest
that there is a threshold concentration below which deg-
radation ceases (45). For example, a threshold of 7.1 µg/L
was reported for the biodegradation of 1,3-dichlorobenzene
in a column reactor system containing biofilm (46).

A 4-fold difference in the maximum DCAA biodegradation
rate was observed for two bacterial isolates (Vm ) 0.27 and
0.97 µg/µg protein/h for Methylobacterium fujisawaense and
Afipia felis, respectively). Such a range is not unusual, as
reported Vm values for dioxane biodegradation by different
strains ranged from 0.1 to 0.38 µg/µg protein/h (47).
Furthermore, methylobacteria isolated from chlorinated
water are known to exhibit relatively slow degradation kinetics
even for favorable organic substrates (48). The observed DCAA
biodegradation rates, however, are still quite rapid as they
are comparable to rates of aerobic acetate degradation by
Pseudomonas aeruginosa (0.8-7 µg/µg protein/h) obtained
by converting values reported by Hozalski and Bouwer (49)
and Martin (50) in units of mg/CFU/h using 60-330 fg
protein/cell (51) and assuming 1 cell ) 1 CFU. The Km values
for the HAA degraders (4.38-77.91 µg/L), however, were
much lower than the observed range for the acetate-
degrading pseudomonad (100-470 µg/L). Overall, the kinetic
investigation confirms that HAAs are highly labile compounds
and HAA degraders have a relatively high substrate affinity.

The results of this research should prove useful for
modeling and assessing HAA fate in water treatment and
distribution systems. The limitations of the experimental
approach, however, should be considered when applying
the kinetic parameters determined in this work. For example,
other carbon sources are likely to be present in distribution
systems (including mixtures of HAAs and other compounds)

TABLE 3. Best Fit Kinetic Parameters for DCAA Biodegradation by Selected Enrichment Cultures and Isolates

culture biomass (µg protein/mL) Km (µg/L) Vmax (µg/µg protein/h) R2

PA-tap-DCAA 0.0268 7.79 ( 5.82 0.39 ( 0.02 0.997
PAWDI 0.0395 77.91 ( 16.14 0.27 ( 0.02 0.997
Cranfield-tap-DCAA 0.0361 4.38 ( 2.22 1.37 ( 0.03 0.998
EMD2 0.0377 10.42 ( 3.61 0.97 ( 0.03 0.996
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which could result in a decrease in HAA degradation rates
in comparison to our results from single HAA experiments.
Also, biofilms are likely to predominate in the distribution
system so mass transfer to and into the biofilm may need to
be considered. Other issues that may also need to be
accounted for include temperature effects, pH effects, and
microbial inhibition due to a chlorine residual.

It is important to consider, however, that substrate
degradation kinetics alone do not dictate which organisms
will predominate in a given environment. Although slower
metabolically, methylobacteria may impact the fate of HAAs
in drinking water systems as these organisms tend to be
chlorine-resistant and have been found in biofilms in drinking
water systems (52). Also, the high percentage of isolates from
the genus Afipia suggests that Afipia spp. may be important
HAA degraders in water treatment and distribution systems.
Nevertheless, the findings of this research, it may be argued,
are subject to culturing biases including the use of high HAA
concentrations for enrichment and solid media for isolation.
Hence, more work is needed using culture independent
molecular techniques to identify and enumerate bacteria
from drinking water systems to verify that the bacteria isolated
in this work are predominant in these systems.
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